Nitrogen concentrations in European rivers, lakes, aquifers and coastal waters are high in many regions. In addition nitrate concentra-• tions are increasing in groundwaters, threatening the long term quality of the resource. In Europe, nitrogen pressures occur over large areas, implying elevated costs for meeting the long-term good chemical and ecologi-• cal water quality requirements. A signifi cant part of the European population could be potentially exposed to high nitrate values in drinking water if adequate treatments were not in place. Furthermore many of European aquatic ecosystems are eutrophic or at risk of eutrophication.
Nitrogen pressures have reduced biodiversity and damaged the resilience of aquatic ecosystems and continue to pose a threat to the • aquatic environment and to the provision of goods and services from the aquatic ecosystems. Even under favourable land use scenarios the nitrogen export to European waters and seas is likely to remain signifi cant in the near future.
• Th e eff ects of climate change on nitrogen export to water are still uncertain.
Major uncertainties/challenges
Policy tools are available within the European Union and under international conventions to mitigate the nitrogen pollution in water, but • their full implementation has not been achieved yet throughout Europe. In many cases a delay in the water quality response to the implementation of measures have been observed, due to previous nitrogen • accumulation in soils, sediments or aquifers or to inadequate design of the mitigation plans. Th e issue of pollution swapping between environmental compartments has appeared as an important element to be considered by both • the scientifi c and policy prospective.
Recommendations
To protect and enhance the European water resources the full implementation of the existing regulations related to nitrogen is necessary, • in addition to an effi cient environmental monitoring. Moreover, positive synergies could be obtained by encouraging the integration in the sectoral policies and enhancing interdisciplinarity • in the scientifi c research, especially in support of regional assessments and pollution swapping evaluations.
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Executive summary

Nature of the problem
Anthropogenic increase of nitrogen in water poses direct threats to human and aquatic ecosystems. High nitrate concentrations in drink-• ing water are dangerous for human health. In aquatic ecosystems the nitrogen enrichment produces eutrophication, which is responsible for toxic algal blooms, water anoxia, fi sh kills and habitat and biodiversity loss. Th e continuous nitrogen export to waters reduces the capacity of aquatic ecosystems to absorb, reorganise and adapt to external stress, • increasing their vulnerability to future unexpected natural or climate events.
Key fi ndings/state of knowledge
Major uncertainties/challenges
Recommendations
Introduction
Human activities are responsible for consistent N r export to the environment (Vitousek et al ., 1997 ; Schlesinger, 2009 ; Erisman et al ., 2011 , Chapter 2 this volume) . Th e enrichment of nitrogen in the aquatic system impairs the water quality of rivers, lakes, aquifers and coastal and marine waters, and contributes to the phenomenon of eutrophication (European Environment Agency, 2001 ; Durand et al ., 2011 , Chapter 7 this volume; Voß et al ., 2011 , Chapter 8 this volume; Billen et al ., 2011 , Chapter 13 this volume) . N r is fundamental for global food production and is still insuffi cient in many world regions (Sanchez and Swaminathan, 2005 ) . However, the signifi cant anthropogenic nitrogen mobilisation through agricultural activities, waste water discharges and fossil fuels combustion produces detrimental impacts on the aquatic environment and aff ects both human and ecosystem health (Lavelle et al ., 2005 ) .
Estimates for year 2000 indicate that Europe is exporting 4.7 Tg of nitrogen per year to its seas Billen et al ., 2011 , Chapter 13 this volume) and trends show that the production of N r and its emission to the environment is accelerating because of the rise of agricultural demands and commercial energy production (Galloway et al ., 2008 ) . Th e aquatic ecosystems are able to remove a signifi cant part of incoming nitrogen load but this capacity is not unlimited and strongly depends on the local ecosystem characteristics (Howarth et al ., 1996 ; Kronvang et al ., 1999a ; Alexander et al ., 2000 ; Mulholland et al ., 2008 ; Durand et al ., 2011 , Chapter 7 this volume) . Consequently there is a lot of uncertainty on the amount of self-purifi cation of aquatic ecosystems Hejzlar et al ., 2009 ) and on the capacity to absorb nitrogen pollution without undergoing radical changes (Millennium Ecosystem Assessment, 2005 ) . In addition, nitrogen can build-up slowly in soil and water systems such as aquifers and reservoirs, and actual remediation practices might produce their eff ects only in the long-term (Jackson et al ., 2008 ) .
Europe is thus pouring nitrogen in its water resources aff ecting human and ecological systems at a rate that is unlikely to reverse in the near future and with consequences that are only partially understood. Th e socio-ecological systems have some capacity to absorb the pollution, reorganise and adapt to the external change, but this capacity is not unlimited and a slow change of the nitrogen pool may result soon or later in some chronic or drastic unexpected eff ects (Carpenter and Folke, 2006 ) . In this context of uncertainty and variability, the challenge is to better understand the extent of nitrogen enrichment in water systems and the threats it poses for human and ecosystem health in the prospective of current changing drivers, such as climate change, land use change, pollution and economic growth, and to consider which mechanisms of adaptation and mitigation the science-policy interactions need to produce.
In this chapter we will try to address this challenge. Th e paper starts by illustrating the trend of nitrogen in European rivers, aquifer and coastal waters, in order to understand the intensity and the location of the problem. Next, the threats posed by nitrogen enriched waters to human health and aquatic ecosystem functioning are considered and then analysed further in the light of major future drivers, notably land-cover and climate changes. Finally, the paper proposes a refl ection on the current adaptation and mitigation strategies and on the possibilities and positive synergies of science-policy interactions.
Nitrogen enrichment in European waters
Nitrogen trends in European surface waters
In Europe some eff orts have been made during the last two decades to reduce the nutrient input from waste water discharge, but diff use pollution from agriculture still remains a major threat for waters (European Environment Agency, 2005 ) . Figure 17 .1 shows the observed annual nitrates concentrations reported by OECD ( 2008 ) at the mouth of some major European rivers.
Trend analysis indicates that in Europe between 1992 and 2005 nitrogen and phosphorus concentrations remained relatively constant in lakes while they decreased in rivers (European Environment Agency, 2009 ). In fact, there was a slight decrease of nitrogen concentrations in European rivers compared to the values of the 1990s, except in southern Europe, and phosphorus concentrations have signifi cantly declined, refl ecting the general improvement in wastewater treatment and the reduction of phosphates in detergents (European Environment Agency, 2005 ). Yet, in Europe, trends in nutrient concentrations vary according to the diff erent regions depending on local conditions. According to the information provided by the Member States on surface water quality (European Commission, 2007 COM(2007 , between the two periods 1996-1999 and 2000-2003 , the nitrate concentrations decreased in 55% of the monitoring stations and were stable in 31%. However, in 14% of the monitoring locations nitrate concentrations were increasing. Stations reporting increasing trends were located in Luxembourg, France, United Kingdom, Portugal and Belgium, while decreasing and stable trends were found in Denmark, Austria, Ireland, Sweden, Germany and the Netherlands (European Commission, 2007 COM(2007 . Th ese trends need to be evaluated regionally and considering the contemporary changes in nitrogen sources. In fact, between the two above mentioned periods, nitrogen input of mineral fertiliser and manure declined by 6% and 5%, respectively (European Commission, 2007 COM(2007 120), atmospheric deposition slightly decreased (Simpson et al ., 2011 , Chapter 14 this volume) and nutrients point discharges were reduced by improving waste water treatments (European Environment Agency, 2005 ) . Th erefore, in certain areas nitrate concentration in surface waters may have remained constant in spite of some reduction in nitrogen inputs. According to data provided by Member States (EU27) in the last Nitrates Directive reporting exercise covering [2004] [2005] [2006] [2007] , nitrate concentration is increasing in 30% of the monitoring stations, while it is stable or decreasing in 70% of the stations (European Commission 2010 COM(2010 .
Th e current concentrations in rivers generate significant nitrogen loads to the seas (Billen et al ., 2011 , Chapter 13 this volume). In European coastal waters, nitrate concentrations have remained generally stable in the Baltic, North and Celtic Seas and have increased in some Italian coastal areas ( Figure 17.2 ; European Environment Agency, 2005 ) . Artioli et al . ( 2008 ) compared nitrogen budgets for European seas over three periods: before eutrophication, during severe eutrophication and in current situation. According to their study in the Baltic Proper nitrogen and phosphorus riverine loads remained stable since the eutrophication period , in the Coastal North Sea nutrient inputs have declined aft er the severe eutrophication period (ending around 1990), and in the Northern Adriatic Sea riverine loads have increased for nitrogen, while they have been halved for phosphorus as a result of phosphate banning policies in detergents. For more details on nitrogen trends in the European Seas see Voss et al ., 2011 ( Chapter 8 this volume) .
Nitrogen accumulation in aquifers
Groundwater is an important resource in Europe, providing water for domestic use for about two third of the population but groundwater is a fi nite and slowly renewed resource and overexploitation associated with a degradation of water quality is putting in danger an important source of drinking water. In Europe, groundwater nitrate concentrations have remained stable and high in some regions (European Environment Agency, 2005 ) . In the Th ird Assessment Report on the Implementation of the Nitrates Directive, the European Commission (European , COM(2007 reports that for the period 2000-2003 about 17% of the wells in EU15 exhibit a concentration of nitrate above the limit of 50 mg/l. An additional 7% were in the range between 40 and 50 mg/l, while about 60% were below 25 mg/l. Analysing the trend between the third and second assessment report, the European Commission found that even though 30% of the reported wells show an improvement in their concentration of nitrate, an alarming 36% show an increasing trend (European Commission, 2007 COM(2007 . According to the last assessment report, covering the period 2004-2007, nitrate pollution in groundwater is still observed in 34% of the monitoring stations, with 15% of the stations with nitrate concentrations above 50 mg/l (European Commission, 2010 COM(2010 .
Commission
Background concentrations of nitrate in groundwater are very low. Most of the nitrates found in groundwater are thus of anthropogenic origin and mostly related to agricultural activities. Van Drecht et al . ( 2003 ) estimated the total leaching of nitrogen to groundwater at 55 Tg/yr at the global scale with a contribution of 8 Tg/yr for Europe, of which 40% will reach the rivers outlets. Contribution of deep aquifers mostly aff ected by historical use of fertiliser was estimated at 10% of the total load of nitrogen. Th ese calculations were made at the global scale and might hide some spatial and temporal variations, however they agree with some more detailed estimates. Behrendt et al . ( 2003 ) estimated the groundwater contribution to total load of nitrogen to be 48% for the Danube for the period 1998-2000. Schreiber et al . ( 2003 ) analysing all German catchments found a groundwater contribution ranging from 38% to 69%. Palmeri et al . ( 2005 ) estimated the contribution of ground water to total nitrogen load in the Po Valley to be around 36%. Even though highly variable and dependent on the degree of agriculture intensifi cation and hydrogeological properties of the aquifers, groundwater is a signifi cant source of nitrogen at the catchments outlets.
Th e quantity of nitrate present in the groundwater is strongly linked to the amount of nitrogen applied in agricultural land, and to the nitrogen surplus in particular. Indeed nitrogen surplus in agricultural land can be removed by surface runoff , leaching to the aquifer, and loss to the atmosphere or can be stored in the soil-water system. Bouraoui et al . ( 2009 ) 3 ). Th is surplus was calculated without considering volatilisation from manure as this pathway is an additional pressure on the environment (details on surplus computation are given in the legend of Figure 17 .3 ). At European scale, there is a decrease of nitrogen surplus for many countries (see Figure 17. 3 ). Dramatic decreases are observed in the Netherlands, Denmark, and Germany where the nitrogen surplus is back to the level of that of 1970. However, there is still no strong evidence that the groundwater level is responding to the decrease of nitrogen surplus. Th e most striking cases are those of the Eastern countries that have seen a decrease by half of the nitrogen surplus, due to the economic and political changes at the beginning of the 1990s. Improvement in the water quality observed in streams is yet to respond to these changes, as large quantities of nitrate are stored in the aquifers and are released slowly depending on groundwater residence time, which may vary from weeks to several thousands of years (Alley et al ., 2002 ; Schlesinger, 2009 ). In addition, nitrogen stored in the soil system might be released slowly due to the mineralisation process (Stalnacke et al ., 2004 ; Grimvall et al ., 2000 ) , and nitrate residence time in the unsaturated zone. For example, Sileika et al . ( 2006 ) , analysing long term data on nitrate concentrations in Nemunas River (Lithuania), noted a strong increase of nitrates in surface water from the Soviet period despite the large drop in fertilisation, due among other to a large storage and accumulation of soil nitrogen during the Soviet period.
Even though no clear conclusion can be drawn on the response time of aquifers to changes in fertiliser application, it can be expected that past unbalanced fertiliser strategies will impact for a long time the quality of European groundwater and in turn the surface water quality. Wriedt and Bouraoui ( 2009 ) estimated the average residence time for continental Europe for elementary river basin of about 100 km 2 based on river density, slope, and parent material properties. According to these estimates, northern countries are characterised by shorter residence time (less than fi ve years) and one can expect a faster reaction of the groundwater to any improved fertilisation strategy. Longer residence time are calculated in Southern Europe, Southern England (Chalk area), Poland, and along the North Sea Coast of Europe and thus any management decision to reduce nitrate load to groundwater might take decades to see any positive eff ect.
All this evidence indicate that in Europe the past and current anthropogenic activities are impacting and might impact water resources for the years and decades to come. Indeed, nitrogen surplus from agriculture is still high in many countries and huge quantities of nitrogen are stored in the soil or aquifers. Th ere are some major concerns as the Eastern countries will probably intensify their agriculture and thus their fertilisation rate in the near future, and some countries of Western Europe have not seen their nitrogen surplus decrease but rather stabilise at high levels. Eff orts have been taken, through conventions or the application of binding Directives, and still Europe's waters are suff ering from excess nitrogen. It is a complex task to estimate how and how long it will take to restore Europe's waters to good quality. So it is still a priority to assess how this excess nitrogen is aff ecting both human and ecosystems health, and evaluate how this impact will vary in a changing environment.
Threats for human and ecological aquatic systems
The human-ecological system
Th e human and the environmental systems are strictly interconnected. Humans are altering the natural nitrogen cycle to increase their benefi ts from nature, but they are aff ected by the changes they are causing in the environment. Th is section analyses the threats induced by the nitrogen enrichment in European waters considering humans and aquatic ecosystems as the principal receptors of impacts in a context of inherent mutual relation for which human actions aff ect ecosystems and the impaired ecosystems aff ects human health and well-being.
Th e Millennium Ecosystem Assessment has highlighted the benefi ts that people obtain from nature, the ecosystem services, and the tight link between human and ecological systems (Millennium Ecosystem Assessment, 2005 ) . Ecosystem services include provisional services , such as food, fresh water, wood and fi bre; regulating services , which aff ect water purifi cation and regulation of climate, fl ood and disease; cultural services , which provide recreational, aesthetic and spiritual benefi ts; and supporting services , such as nutrient cycling, soil formation and primary production (Millennium Ecosystem Assessment, 2005 ) . Th ese services support livelihood and development of human society and their sustainable use is fundamental for the human wealth and security (Folke et al ., 2002 ) . Water and nitrogen are directly or indirectly involved in all the ecosystem services. Nitrogen in aquifers and reservoirs impairs water quality for drinking purpose, aff ecting directly the human health. Nitrogen enrichment in lakes, rivers and coastal and marine waters may produce the phenomenon of eutrophication which has detrimental eff ects for aquatic ecosystems. Consequently, the ecosystem per se is damaged and some services such as fi sh provision or aesthetic and recreational uses are directly aff ected. Moreover, through the intensive mobilisation, the nitrogen cycle and primary production may become distorted and some regulating services may be reduced or compromised. For example evidence shows that busting denitrifi cation through additional nitrogen input in the water system may increase the emission of N 2 O to the atmosphere, which acts as a strong greenhouse gas aff ecting the climate. Studies have highlighted that the effi ciency of water purifi cation may be reduced increasing the total amount of nitrogen input in the river system (Mulholland et al ., 2008 ) , and that aquatic ecosystems signifi cantly impacted by eutrophication are more vulnerable to fl ood events and diseases spreads (Folke et al ., 2004 ; McKenzie and Townsend, 2007 ) . Th us, altering the nitrogen availability in water is likely to signifi cantly aff ect the social and environmental system, reducing many ecosystem benefi ts.
Th e socio-ecological system has some capacity, resilience, to 'absorb disturbance and reorganise while undergoing change so as to still retain essentially the same function, structure, identity and feedbacks' . Resilience is oft en associated with diversity, such as biological species and economic options, to support the ecosystem capacity to renew and reorganise into a desired state although under pressure (Carpenter and Folke, 2006 ) . Moreover, the actors of the socio-ecological system have the possibility to adapt to ongoing changes in order to moderate the undesired eff ects and as well to try to reverse them. However, this ecosystem ability to absorb stress and recuperate is not linear and is possible only until a certain threshold (tipping point), beyond which the recovery is diffi cult or impossible, leading to a regime shift . Human degradation of the environment has reduced the ecosystems resilience, shrinking the ability to mitigate natural hazards (Carpenter and Folke, 2006 ) and increasing the likelihood of drastic changes to less desired capacity to generate ecosystem services (Scheff er et al ., 2001 ; Folke et al ., 2004 ) .
Th ere are various ways in which nitrogen enrichment of water can aff ect human and aquatic ecosystem health. Direct eff ects from use of drinking water have been described extensively in the scientifi c literature and are the subject of current policies. Indirect eff ects such as from eutrophication are less well known. In the following part we describe the threats on human health due to nitrogen in drinking water and then the threats on aquatic ecosystems and their consequent indirect eff ects on human health and well being, providing, where possible, estimates at European scale.
Eff ects of nitrogen rich drinking water on human health
Currently in many countries there are strict limits on the permissible concentration of nitrate in drinking water and in many surface waters. Th e limit is 50 mgNO 3 /l in the European Drinking Water Directive (Directive 98/83/EC) and 44 mgNO 3 /l in the United States (equivalent to 11.3 mgN/l and 10 mgN/l, respectively). Th ese limits are in agreement with WHO recommendations established in 1970 and recently reviewed and reconfi rmed (WHO, 2007 ; the exact formulation of the standard is that the sum of NO 3 /50 + NO 2 /3 should not exceed 1). Th e European Nitrates Directive also sets a limit concentration of 50 mgNO 3 /l for groundwater and surface water, as a threshold value for Member States to protect water bodies.
Th ere are two main health issues related to nitrate in drinking water: the linkage with infant methaemoglobinaemia, also known as blue baby syndrome, and with cancers, for example of the digestive tract (Ward et al ., 2005 ) . Th e evidence for nitrate as a cause of these serious diseases is controversial (Powlson et al ., 2008 ; Salomez and Hofman, 2003 ) . In addition there is evidence for increased cardiovascular health with increased nitrate intake (Webb et al ., 2008 ) . Presently, it is widely accepted that methaemoglobinaemia in Europe is rare, and that in general incidence is related to presence of pathogens in drinking water rather than to nitrate or nitrite (Addiscott, 2005) .
Th e emerging and returning question is whether nitrate in drinking water is harmful to humans, and if the drinking water standard in some cases could be increased (van Grinsven et al ., 2006 ; L'hirondel and L'hirondel, 2002 ) . Such an increase would have great implications for policies, measures and costs related to water treatment and to fertiliser and manure application. To answer this question, the following points are relevant.
Only a small proportion (<20%) of nitrate intake in most • humans is related to drinking water, most nitrate intake comes from meat and vegetables. Nitrate is a major component in human metabolism and • harmless for humans. However, N-nitroso compounds, derived from nitrate (through nitrite), are probably carcinogenic to humans. Ingested nitrate or nitrite under conditions that result in endogenous nitrosation is probably carcinogenic to humans. Th e underlying mechanism is endogenous nitrosation, which in the case of nitrate must be preceded by reduction to nitrite. Nitrosating agents that arise from nitrite under acidic gastric conditions react readily with nitrosatable compounds, especially secondary amines and alkyl amides, to generate N-nitroso compounds, many of which are carcinogenic (IARC, 2006 ) . Th e WHO-standard of 50 mgNO • 3 /l is a compromise that does not account for the possible role of nitrate as a precursor for carcinogenic N-nitroso compounds. It is virtually impossible to relate incidence of cancers to • nitrate in drinking water, in view of the presence of many nitrate sources, the complexity of nitrogen metabolism and many life style and diet factors enhancing or preventing cancers. Epidemiological studies suggesting an association between nitrate in drinking water and various health defects are therefore rare (Ward et al ., 2005 ) .
Reasons for policy to consider health risk associated with increased nitrate in drinking water are the chronic and potentially massive exposure, the empirical evidence for increased risk and the fairly easy options to prevent exposure.
An additional emerging issue is related to the formation of carcinogen N-Nitrosodimethylamine (NDMA) upon disinfection of drinking water. Disinfectants may react with other compounds (precursors) in the water, like pesticides and their degradation products, to form NDMA. Th e latter is a potent carcinogen that is not easily removed by normal drinking treatment procedures (Schmidt and Brauch, 2008 ) . Depending on environmental conditions and presence of nitrosamine precursors, disinfectant treatment may even enhance NDMA formation (Zhao et al ., 2008 ) . NDMA may become a future threat, but the role of dissolved inorganic and organic nitrogen in NDMA formation is not yet clarifi ed.
Tentative European assessment
Drinking water sources
In Western Europe almost 100% of the population has access to safe drinking water, while in the Eastern part the proportions vary from 58% to 80%, with lower values for rural areas, where only 30%-40% of households have access to safe drinking water (WHO, 2007 ) . In European countries with lower GDP or large rural areas, substantial proportions of the population have no connection to public water supply. Safety and adequacy of drinking water supply in areas with no public supply or small local facilities are expected to be less systematically monitored and therefore not guaranteed.
In Europe, water for drinking use is abstracted from aquifers, rivers or reservoirs, according to the regional availability of the resource, and then treated for human consumption. According to the information reported by the European Commission ( 2007 ) for the period 2002-2004 , the relative shares of surface water, groundwater and other sources to the production of drinking water were 66%, 33% and 4%, respectively. Th ese values represent an average of the information reported by 14 EU Member States and refer only to larger water supply zones, which served about 78% of the total population living in the EU14 countries. Figure 17 .4 reports the relative use of water resource for drinking purposes per country (European Commission, 2007 ) . Groundwater is the main source for drinking water in Austria, Denmark, Italy, Spain, Germany, France, Belgium and the Netherlands, while the use of surface water is dominant in Finland, Czech Republic, Estonia, Ireland, Portugal and United Kingdom.
Large parts of the European population consume bottled mineral water and beverages (UNESDA, 2009 ), which, in general, are low in nitrate and nitrite (Griesenbeck et al ., 2009 ) . In EU27, the average annual consumption of bottled drinking water increased from around 87 l/capita in 2001 to 106 l/ capita in 2007. Consumption varies in the diff erent countries, mainly as a consequence of specifi c cultural and market driven lifestyles.
Drinking water quality
Th e EU Drinking Water Directive (Directive 98/83/EC) requires Member States to report drinking water quality to the Commission every three years. In the synthesis report for -2004 (European Commission, 2007 nitrate is listed as one of the parameters most oft en causing non-compliance in the larger water supply zones (serving more than 5000 persons or producing over 1 million litres per day). Th e synthesis report points out that it is not easy to draw conclusions on trends in water quality for individual Member States and for Europe in view of the oft en very incomplete or incompatible country reports. Percentage of non-compliance is no direct indicator of potential exposure to drinking water exceeding the nitrate or nitrite limit, in fact non-compliance may be incidental and restricted to specifi c water supply zones and the mandatory reporting does not cover small supply zones. For example in Denmark about 30% of the population is served by smaller facilities, in Austria, France, Germany and Ireland the proportion is close to 25% (European Commission, 2007 ) . Non-compliance for nitrate or nitrite is reported regularly but rarely exceeds 4% and is restricted to a similar proportion of monitored and reported supply zones.
Assessment of potential exposure
Considering data from 12 of the EU15 Member States, van Grinsven et al . ( 2006 ) estimated that almost 3% of the population using drinking water from groundwater resources is potentially exposed to concentrations exceeding 50 mgNO 3 /l, and 5% to concentrations exceeding 25 mgNO 3 /l (see also van Grinsven et al ., 2010 ) . De Roos et al . ( 2003 ) and Gulis et al . ( 2002 ) found evidence of 25 mgNO 3 /l as a critical concentration for health eff ects. Exceedance is caused both by untreated private supply and insuffi ciently treated public supply.
Combining the information on population density and estimates of nitrate concentration in European surface waters ( Figure 17 .5 ), it results that around half of the European population lives in areas with nitrate concentrations higher than 25 mgNO 3 /l, and about one fi ft h in areas with values higher that 50 mgNO 3 /l, with variations by country ( Figure 17.6 ).
In the USA, Dodds et al . ( 2009 ) have analysed the potential economic damages caused by eutrophication in American freshwaters with regard to drinking water use, considering the spending for bottled water. Th e estimated associated cost for bottled drinking water consumption in the EU27 is significant ( Figure 17 .7 ). However, people consume bottled drinking water not only because of concern about drinking quality but also because of social-cultural preferences.
In addition to drinking water treatments, other costs are encountered by the society related to the health problems caused by nitrogen enrichment in drinking water. However, they are diffi cult to estimate because of the scarcity of targeted epidemiological studies. Van Grinsven et al . ( 2010 ) provide an assessment of social cost of colon cancer due to nitrate in European drinking water. Th ey estimate a 3% increase of incidence for 11 Western European countries, corresponding to a health loss of 2.9 euro/capita per year. For a more detailed discussion on costs related to nitrogen pollution see Brink et al ., 2011 ( Chapter 22 , this volume) .
Eff ects of nitrogen on the aquatic ecosystems health
Th e anthropogenic increase of nitrogen and phosphorus in lakes, reservoirs, rivers and coastal waters is the main cause of eutrophication. Th e phenomenon was observed in temperate lakes during the 1960s (OECD, 1982 ) but it rapidly expanded to estuaries and coastal seas. In general, in aquatic ecosystems the increase of nutrient concentration promotes the phytoplankton growth and generates an imbalance between algal production and consumption. As a result, biomass sedimentation and microbial decomposition are enhanced and a large part of bottom-water oxygen is consumed (Durand et al ., 2011 , Chapter 7, this volume; Voss et al ., 2011 , Chapter 8, this volume) .
As nitrogen is a crucial element for photosynthesis and primary production, its signifi cant enrichment in the water medium directly alters fundamental processes of the aquatic ecosystem. Th e role of nitrogen in water eutrophication depends on its relative availability with respect to other elements, such as carbon, phosphorus and silica . Scientists use the concept of the 'limiting element' , which is the element that limits the potential rate of primary production (Howarth, 1988 ) . It has oft en been observed that freshwaters are limited by phosphorus, whereas marine waters by nitrogen. However, this is a general simplifi cation and each aquatic system has its peculiarities. In fact, in freshwaters, estuaries and coastal marine ecosystems the limiting role between nitrogen and phosphorus may change seasonally and spatially ). For a thorough discussion on limiting element, nutrient ratios and their eff ect on the quality of freshwaters and coastal and marine waters see Durand et al . ( 2011 ) , Voss et al . ( 2011 ) and Billen et al . ( 2011 , Chapters 7 , 8 and 13 this volume) .
Eutrophication causes many negative eff ects on the aquatic ecosystem (for extensive review see Carpenter et al ., 1998 ; Cloern, 2001 ; Smith, 2003 ; Smith and Schindler, 2009 ). Table 17 .1 summarises some of the main eff ects. Excessive nutrient loading produces an increase of algal biomass and a change in the species composition of the algal communities (Smith, 2003 ) . Eutrophication can induce a progressive selection in phytoplankton towards fast-growing species. Bloom-forming algae ( Figure 17 .8 ) may be directly toxic for the components of the aquatic ecosystem and for humans and impairs waters for fi sheries, recreation and drinking (Carpenter et al ., 1998 ) . Th e consequent sedimentation and decomposition of the dead algae depletes oxygen in bottom waters, especially in ecosystems with low rate of water turnover. Anoxic conditions kill benthos and fi shes and cause extensive loss of habitats. Increasing coastal zones with signifi cant oxygen depletion (dead zones) were reported in the last half of the twentieth century in the Adriatic Sea, the Black Sea, the Kattegat and the Baltic Sea (Diaz and Rosenberg, 2008 ) .
Some algae can produce toxins that can be adsorbed or ingested via drinking waters or feeding by aquatic animals and humans. Cyanobacteria, dinofl agellates and diatoms are among the main taxonomic groups contributing to toxic algae blooms and evidence shows that their occurrence can be stimulated by nitrogen pollution (Camargo and Alonso, 2006 ) . Th ere are clear indications that nutrient enrichment enhances harmful algal blooms (HABs), and some evidence of a connection between increased urea fertiliser use and HABs (Glibert et al ., 2006 ) . In all cases, the linkages between HABs and eutrophication are complex and include nutrient enrichment as well as indirect pathways (Anderson et al ., 2002 ) .
Th e explosive growth of undesired algae, with the consequent oxygen depletion, may induce important changes in the habitat quality and aff ects both the species abundance and community composition, introducing some alterations in the trophic web. For example, in shallow coastal areas the changes from perennial macroalgaes and seagrasses to ephemeral macroalgaes, produced by nutrient enrichment, may cause loss of habitat for aquatic animals (Burkholder et al ., 2007 ) . Similarly, proper habitat for macroalgae or benthos may shrink where water transparency or oxygen availability decline.
Evidence has shown that eutrophication reduces the richness and abundance of aquatic species. 'Nutrient enrichment can cause a change in the selective forces that regulate the biological diversity at all trophic levels within the coastal food webs' (Cloern, 2001 ) . Moreover, eutrophication and human actions promote the invasion of exogenous species, which further contribute to reducing the native biodiversity. According to Lotze et al . ( 2006 ) , who performed a study considering 12 temperate estuarine and coastal ecosystems covering Europe, North America and Australia from prehistory to actual times, by the end of the twentieth century, 7% of the recorded species were extinct and 91% were depleted. Moreover, land reclamation, eutrophication, diseases and destruction were responsible for the destruction of 67% of wetlands, 65% of seagrasses, and 48% of submerged aquatic vegetation. However, major impacts on diversity, structure and functioning of the coastal ecosystems were due to overexploitation and habitat destruction, and eutrophication was only part of the problem (Lotze et al ., 2006 ) . Diversity enhances the ecosystem stability and supports ecosystem services: fi sheries, provision of nursery habitats and fi ltering and detoxifi cation services (Worm et al ., 2006 ) . Large collapses of marine fi sheries occur in species-poor ecosystems (Worm et al ., 2006 ) . Collapse of fi sh stock is related as well to unsustainable fi shing and loss of habitat.
Nitrogen pollution can also more directly aff ect fi sh populations and fi shery yields, with both positive and negative consequences (National Research Council, 2000 ) . Up to a point, increased loads of nitrogen to coastal marine ecosystems can increase secondary production -including fi sh production -as primary production increases and more energy cascades up the food web (Nixon, 1988 ) . However, with further inputs of nitrogen to the ecosystem, hypoxia, anoxia, and other changes in the ecosystem can lead to lower production of fi sh and less fi sh harvest. Caddy ( 1993 ) hypothesised that the eff ects would be seen on demersal fi sh, due to greater adverse consequences of eutrophication on the benthos, with adverse consequences on pelagic fi sh occurring only at greater nutrient loads. Because of the high variability in fi sh populations and fi sh harvests, collecting data to demonstrate the responses suggested by Caddy ( 1993 ) has been diffi cult. However, recently, Oczkowski and Nixon ( 2008 ) showed that for the fi sheries of the Nile delta, the relationship between nitrogen load and fi sh does indeed follow a threshold response: fi sh catch increase with nitrogen load to a point, but beyond the threshold, fi sh catches fall signifi cantly.
Recent research studies have raised the question about the infl uence of nitrogen enrichment in aquatic ecosystem and the dynamics of parasitic and infectious diseases. Pathogen infections directly threaten humans, animals and aquatic ecosystem health. Although direct experiments are rare in literature, the available evidences confi rm a signifi cant positive correlation between increased nutrients and diseases (McKenzie and Townsend, 2007 ; Hartikainen et al ., 2009 ) . Eutrophication can contribute to infectious diseases spread directly, enhancing the replication rate of aquatic pathogens, or indirectly, infl uencing the abundance and distribution of pathogens hosts and vectors. Th rough experimental mesocosmos studies, Johnson et al . ( 2007 ) have shown that eutrophication enhances amphibian disease, increasing the density of infected snail hosts and the per-snail production of parasites. Camargo and Alonso ( 2006 ) have reported several studies describing algal blooms associated with cholera outbreaks and showing positive correlation between inorganic nutrient concentrations and larval abundances of mosquitoes, which are potential carriers of pathogenic micro-organisms. More studies are needed to understand the possible links between nitrogen enrichment and infection disease risk, especially in the presence of other environmental stressors (Smith and Schindler, 2009 ) . Th is could be relevant for European aquatic ecosystems, which are likely to face in the near future temperature increases, with a consequent change in geographic distribution of insects and mosquitoes.
Th e eff ects of eutrophication on the availability and the biochemical cycle of non-nutrient pollutants, such as heavy metals, pesticides, pharmaceutical and hormones have not been thoroughly explored yet, especially for emerging pollutants. Altering the physico-chemical properties of the water medium, like hindering light penetration and oxygen availability, eutrophication may infl uence the biodegradation of some compounds or create more favourable conditions for pollutants release from sediments. Supplies of nitrogen and phosphorus support bacterial growth and as a consequence can enhance the biodegradation of chemicals, such as aromatic hydrocarbons and pesticides (Smith and Schindler, 2009 ) . Accelerating the phytoplankton and benthic growth, eutrophication increases the exchanges with water and bioaccumulation through the trophic chain, but it could produce as well a growth dilution eff ect. Th erefore, the actual synergies between eutrophication and non-nutrient contaminants strictly depend on the characteristics of the chemicals, the physico-chemical conditions of the system and the local specifi c food web functioning.
In addition to the eff ects caused by eutrophication, the role of nitrogen deposition in contributing to surface water acidifi cation is well recognised (Durand et al ., 2011 , Chapter 7 this volume) . Sulphur has been the main agent contributing to acidifi cation but due to large reductions in sulphur dioxide emissions over Europe since 1980, nitrogen has become more important. Although sulphur deposition is still a main agent of acidifi cation around Europe, some regions (such as parts of the UK, Italy and the Alps) experience such high levels of nitrogen deposition that even if sulphur deposition could be eliminated completely, nitrogen deposition alone would still cause critical load exceedance and long-term acidifi cation (Curtis et al ., 2005a , b ) .
Tentative European assessment
Eutrophication is the result of nutrient enrichment in the aquatic system, but the severity of the phenomenon largely depends on the specifi c regional characteristics, climate, morphology, water residence time, nutrient concentration and ratio, trophic web status, and generally on the ecosystem resilience. Th erefore, similar nutrient loads may produce diff erent eff ects because of the regional sensitivities, and in particular of the relative availability of the other nutrients. Nevertheless, nitrogen and phosphorus concentrations, being the major driving forces of the problems, can be used as a proxy to evaluate the risk of water eutrophication (Phillips et al ., 2008 ) . According to Camargo and Alonso ( 2006 ) who performed an extensive study on the ecological and toxicological eff ects of inorganic nitrogen pollution in aquatic ecosystems, total nitrogen levels lower than 0.5-1.0 mg/l might prevent aquatic ecosystems from developing eutrophication and acidifi cation. Th is does not apply for ecosystems naturally rich in nitrogen.
Th e total nitrogen concentration was used as a proxy to evaluate the potential risk of surface water eutrophication at European scale. Th ree classes of potential risk were established based on the literature (Vollenweider et al ., 1976 ; OECD, 1982 ; Cardoso et al ., 2001 ) and on the information available from the Water Framework Directive Intercalibration Exercise (Guidance Document on Eutrophication from Intercalibration Group). Th e classifi cation of total nitrogen concentration in classes of potential risk is shown in Table 17 .2 . Th ese values, which are in agreement with the ecological thresholds reported in other studies (Durand et al ., 2011 , Chapter 7 this volume) , were combined with estimates of total nitrogen concentrations in European surface waters ) to derive a European map of potential risk of eutrophication related to nitrogen ( Figure 17.9 ) . Th e map ( Figure 17.9 ) shows that large parts of European water courses may be threatened by potential risk of eutrophication due to nitrogen concentrations. Th e risk varies with countries but is generally lower in the Scandinavian region ( Figure 17.10 ) . Figure 17 .11 reports the potential risk of eutrophication per country for European inland wetlands using the same nitrogen concentration classifi cation.
Th e Water Framework Directive requires that Member States evaluate the ecological status of their surface waters based on the deviation in the status of a number of biological elements (such as phytoplankton and macrophytes) from the water body type specifi c reference condition. Th e division of water bodies into types and the establishment of type specifi c reference conditions should allow for better resolving the eff ects on the biological elements (biological Table 17 .2 .
communities) from the variation associated to natural pressures (such as natural water fl uctuations) and thus a more precise evaluation of the ecological condition. Figure 17 .12 shows the ecological status of the European lakes, based on data that have been collated as part of the Water Framework Directive Intercalibration exercise (2004) (2005) (2006) (2007) . Th e ecological status of lakes was evaluated by chlorophyll-a values by the Mediterranean, Atlantic, Central/Baltic and Northern Geographic Intercalibration Groups (GIG), while for the Northern GIG the ecological status evaluation included chlorophyll-a values and indicators of the status of macrophytes communities' composition. Concerning water acidifi cation, within Europe, nitrogen and sulphurs emission ceilings are set to prevent critical load exceedance under both the Gothenburg Protocol of the UN-ECE Convention on Long-range Transboundary Air Pollution (CLRTAP) and the EU National Emissions Ceiling Directive (NECD) (see Hettelingh et al ., 2007 Hettelingh et al ., , 2008 . Five countries currently submit freshwater critical loads data to the international mapping and modelling programme under the CLRTAP; the UK, Norway, Sweden, Finland and Switzerland (Canton Ticino). However, impacted acid sensitive lakes and streams are present in many other countries including France, Spain, Italy, Austria, Poland, Slovakia, Czech Republic, Romania, Bulgaria and Germany (Curtis et al ., 2005b ; Evans et al ., 2001 ) . Th e critical load of total nitrogen deposition, when excluding the eff ects of sulphur deposition, is < 400 eq/ha per year across large areas of Scandinavia and parts of the UK and the Table 17 .2 ) per country. Inner waters refer to Corine Land Cover 2000 classes 40 and 41 (water courses and water bodies, respectively).
Swiss Alps and these deposition levels are exceeded across large regions of Europe (EMEP, 2009 ).
Prospects for European water quality
Impact of climate change on freshwater quality
Most striking expected climate change is a continental global warming from 1 °C to 4 °C more pronounced during winter in Eastern Europe and in summer for Southern and Western Europe. Precipitation exhibits a strong north to south gradient with an increase in northern Europe and a decrease going south (Alcamo et al ., 2007 ) and a more pronounced seasonality. In addition there is a high probability of increase of extreme events. Th ese changes will aff ect directly and indirectly the quality of freshwater and coastal and marine waters in Europe (Battarbee et al ., 2008 ; European Environment Agency, 2008 ) . Indeed the predicted climate change will aff ect the nutrient cycling in the water bodies, but will also aff ect the generation and transport processes of nitrogen originating from land based sources. Th e impact of climate change on water quantity has been studied extensively while fewer researches have focused on the impact of water quality. Water quality and nutrient concentrations in particular, will be aff ected by water quantity due to dilution or concentration eff ects, mobility, residence time and water temperature impact (Ducharne et al ., 2007 ; Whitehead et al ., 2009 ). Direct impacts of increased temperatures will be accelerated nutrient cycling (Whitehead et al ., 2009 ; Murdoch et al ., 2000 ) . Furthermore, climate change or global change in general oft en results in synergistic eff ects of the diff erent stressors (temperature increase, precipitation and land use change). It is thus very diffi cult to isolate the single eff ect of each stressor on the fate of nitrogen.
In southern European countries it is expected that climate change will result in lower runoff , exacerbated by increased water abstraction for irrigation purposes and growing human consumption. An increase in the number of intermittent streams and drought periods is also expected. Th e higher population release of nutrients due to eating habits with an associated increased industrial production will release increased amount of nutrients in the lower water volume resulting in both higher nutrient loads but also higher nutrient concentrations in the water courses due to point source discharges, unless additional treatment is applied (Eisenreich, 2005 ) . Higher nutrient concentrations downstream of point discharges (industries, concentrated animal management operations) are also predicted by Whitehead et al . ( 2009 ) and Murdoch et al . ( 2000 ) . Concerning agriculture, even though in Southern countries the decrease in water precipitation is expected to result in lower nutrient loads, the concentration of nutrients might increase due to lower water volume circulating in the streams (Mimikou et al ., 2000 ) . Th erefore, for southern regions, an increased contribution of point sources relative to diff use sources is anticipated with associated management problems. In northern regions, higher precipitation may also increase nutrient loads, and higher temperatures are likely to enhance nitrogen mineralisation. Ducharne et al . ( 2007 ) , studying the Seine river basin, predicted that an increase of temperature by 2.3 °C will result in an increased soil nitrogen mineralisation from 8% to 26%. Taking into account all processes enhancing or decreasing nitrogen production from mineralisation, they expected a net increase of 20% for nitrate leaching and nitrate in streams if appropriate farming practices are not implemented. Bouraoui et al . ( 2002 ) , evaluating the impact of six climate change scenarios for the River Ouse (UK), found that climate change will increase nutrient losses to surface water due to the combined eff ects of increased mineralisation and the increased amount of water circulating through the soil profi le. Wilby et al . ( 2006 ) , who studied the impact of climate change on water resources in the River Kennet (UK), also predicted increasing concentrations of nitrates and ammonium until 2050. Th ey estimated that due to the increased occurrence of summer drought, nitrates will build up in the soils and will be fl ushed into the streams when droughts break. Bouraoui et al . ( 2004 ) evaluated the impact of observed climate change occurring in Finland and predicted that the increase in temperature associated with the increased winter runoff due to accelerated snowmelt results in higher nitrogen loading by about 3% with pronounced seasonality. Th ey found increased losses of nitrogen during the winter and reduced loads during the traditional snow melt period. Similar conclusions were reached by Arheimer et al . ( 2005 ) when studying the Ronnea catchment (Sweden). Th e authors predicted an increased nitrogen loading due to increased winter precipitation and increased mineralisation from soil organic matter despite an increase in surface and groundwater nitrogen retention. Th e increased retention under the climate change scenarios is attributed to increased temperature, increased nitrogen concentration and drier summer conditions yielding a longer transit time in the summer, the most active season for nitrogen removal process. Th ey also noticed an extension of the areas contributing to the total nitrogen loads, with obvious management implications.
Assessing the impacts of climate change on nutrient loads or concentration in freshwater and coastal ecosystems is not straightforward as many other factors impact their status and health. Eutrophication is not only controlled by nutrient availability but is also aff ected by light conditions, temperature, residence time, fl ow regime. Invasion of non-native species will obviously depend on temperature, fl ow conditions but also on nutrient availability and cycling (Murdoch et al ., 2000 ; Rahel and Olden, 2008 ) .Th e impact of climate change on freshwater ecosystems has been studied in controlled experiments in mesocosms tanks (Feuchtmayr et al ., 2007 ; Christoff ersen et al ., 2006 ; Moss et al ., 2003 ) . Feuchtmayr et al . ( 2007 ) showed in their experiment that higher nutrient concentrations would result in increased population of four out of eleven of the macroinvertebrates used in their study. McKee et al . ( 2003 ) measured an increase in zooplankton abundance under increased nutrient addition. Moss et al . ( 2003 ) showed that nutrient addition (unlike warming) increased phytoplankton chlorophyll a concentration and total algal biovolume, and did not aff ect the number of species. In northern boreal regions where lentic and lotic ecosystems are oligotrophic, an increase of nutrient loads might lead in earlier stages to an increase of biodiversity. Conversely, in southern boreal countries where freshwater ecosystems are eutrophic, an increase in nutrient loads could result in a decrease of biodiversity. Under the combination of increased temperature and nutrient inputs, arctic lakes will exhibit an increase algal production and biomass leading to a potential colonisation of predatory fi sh (Flanagan et al ., 2003 ) .
Th e impact of climate change on ecosystems has been studied through the detailed analysis of dry years and even droughts. Many authors report that under increased temperature, blooms of the harmful of cyanobacteria will likely increase (Johnk et al ., 2008 ; Paerl and Huisman, 2008 ) . Many reasons explain this increase in bloom: higher temperatures favour the cyanobacteria growth, the warming of the surface water will reducing vertical mixing, and there will be an increase of the growth period to an earlier shift of stratifi cation in spring and late destratifi cation in autumn. Mooij et al . ( 2005 ) reviewing the impact of climate change on lakes in the Netherlands also report the increased presence of cyanobacteria and their predominance in the phytoplankton community. Th e increased loading of nutrients for instance under severe storms or wet winters followed by dry or drought condition and associated increased residence time will increase algae blooms (Paerl and Huisman, 2008 ) . Arheimer et al . ( 2005 ) concludes also that under climate change, the increased amount of inorganic nitrogen entering the Ronnae lake (Sweden) will stimulate algae growth resulting in increased concentrations of cyanobacteria, zooplankton and detritus. Similar eff ects are reported by Whitehead et al . ( 2009 ) . For additional information on the eff ects of climate change on coastal and marine waters and the implication for the link between nitrogen and carbon cycle see Voß et al ., 2011 ( Chapter 8 this volume) .
Studies at the European scale have shown that climate changes are expected to alter the soil nitrogen cycle with great regional variability (Bouraoui and Aloe, 2007 ) , and to exacerbate the problem of eutrophication, enhancing algal blooms and new harmful invasive algae (project EURO-LIMPACS, Battarbee et al ., 2008 ) . All these studies are aff ected by uncertainty, but some of the climate change eff ects are already being observed in European water ecosystems (Battarbee et al ., 2008 ; European Environment Agency, 2008 ) .
Nitrogen fate under future land use changes
Due to the interdependence of the world economic and ecological systems, prospective scenarios of human activities in watersheds should be conceived at the global level. Th e Millenium Ecosystem Assessment has provided the story lines of four scenarios of the world future named Global Orchestration (GO), Order from Strength (OS), Technogarden (TG), and Adapting Mosaic (AM) (Alcamo et al ., 2006 ) . Th e scenarios diff er in terms of environmental management (pro-active or reactive) and in the degree of connectedness among and within institutions across country borders (globalisation or regionalisation). Technogarden and Adapting Mosaic were developed assuming pro-active environmental management, while Order from Strength and Global Orchestration assume reactive environmental management. Global Orchestration and Technogarden refl ect trends towards globalisation, while regionalisation is assumed in Order from Strength and Adapting Mosaic. Th e IMAGE and GlobalNEWS models of watershed nutrient fl uxes have been used to calculate nitrogen and phosphorus delivery at the outlet of 5700 world watersheds (Seitzinger et al ., 2009) . Th e results for European watersheds are shown in Table 17 .3 for the two more contrasted scenarios GO and AM.
Th e trends shown are the results of several opposite drivers. Th e number of inhabitants with a sewage connection will further increase in all scenarios, but the removal of nitrogen in wastewater treatment also increases. On the other hand, the overall nitrogen use effi ciency in agricultural production in Europe increases in all scenarios, particularly Adapting Mosaic (AM), and this leads to an overall reduction of nitrogen river export. In the GO scenario there is also an increasing production. In AM, with a faster population growth than in GO between 2000 and 2030, the nitrogen export will decrease. Th is is caused by a combination of lower meat consumption and a major eff ort in better incorporating animal manure in the agricultural system. Although global scenarios are best able to take into account the interconnected nature of world economies, there is also a need to increase the spatial resolution of their simulated results, in order to examine them at the sub-regional scale, closer to that at which management decisions are to be taken. With this in mind, Th ieu et al . ( 2010a ) proposed an interacting approach in which a sub-regional watershed model makes use of a background of 'large-scale-scenario' constraints provided by global models and enhances them by integrating sub-regional dynamics. Applying this approach to downscale the Global-NEWS predictions of the Millennium Ecosystem Assessment scenarios to the Seine, Somme and Scheldt watersheds, they predicted an overall increase of nitrogen delivery to the Southern Bight of the North Sea at the 2050 horizon in the GO scenario while the predictions indicate a decrease by about 20% in the AM scenario.
Several studies have looked at the impact of future land use and land management on nutrient losses. Bouwman et al . ( 2005a ) predicted that from 1995 to 2030 in Western Europe grassland area will decrease from 60 Mha to 53 Mha and arable land will decline from 86 Mha to 76 Mha. On the other hand for transition countries (including new member states and the old states of the USSR) for the same period grassland will increase from 90 Mha to 96 Mha and arable land areas from 266 Mha to 273 Mha. At the same time, the nitrogen recovery has steadily increased for Western Europe from 44% in 1970 to a predicted 58% in 2030. A similar trend is foreseen for transition countries with a predicted change of nitrogen recovery from 38% in 1970 to 58% in 2030. Th is indicates an increase in productivity for both Western Europe and transition countries. Indeed for Western Europe, the level of fertiliser use in 2030 is predicted to be similar to that of 1995. For transition countries, there should be an increase of nitrogen fertiliser use by about 25%. Similar conclusions are reported by the EFMA in its 2008 outlook for 2018 (EFMA, 2008 ) . EFMA ( 2008 ) expects that crop yield will increase for all major crops including wheat, barley, maize, potatoes and oilseed rape. It also predicts a shift in the agricultural production more oriented to grain and oil seed rape productions. Th is should lead to an increase of nitrogen consumption of 8% and 23%, for wheat and oil seed rape respectively. EFMA ( 2008 ) expects a decrease of nitrogen consumption in fodder and grassland production. Overall it is predicted that for 2018, the nitrogen consumption will increase by 3.8% in Europe, mostly in the new Member States. Indeed, there is a continuing decreasing trend of nitrogen consumption in EU15 with the exception of Austria, Denmark and Sweden due to an increase in the area devoted to the production of energy crops. On the other hand for EU12 there should be an increase of nitrogen consumption by about 17% compared to the actual level. Th e impact of the changing environment on nitrogen losses are reported in Bouwman et al . ( 2005b Bouwman et al . ( , 2005c . Because of the predicted increase in nitrogen recovery, there should be no increase of total nitrogen emissions (sum of denitrifi cation, leaching and volatilisation) in 2030 when compared to the actual levels.
Land use and climate changes are inherently interconnected by nature, and are both aff ected by the economic development and the mitigation and adaptation strategies adopted by the human society. Th erefore future changes will be the result of complex interactions and will depend as well on societal choices. An actual example in this sense is the controversial issue of biofuels, which are motivated by economic and energy policies and present implications for both land use and climate changes, with expected negative consequences for water availability and nitrogen losses ).
Possible management scenarios
Global scenarios address the eff ects on the environment of possible future economic development at global scale. At local scale, scenarios of implementation of practical measures to reduce nitrogen pollution may be evaluated to plan eff ective remediation strategies at river basin level. A number of modelling studies have been published to assess the eff ect of measures to reduce nitrogen loads to waters, such as improved wastewater treatment, or from adoption of agro-environmental measures aff ecting agricultural practices or landscape management. Th e severely eutrophied continental coast of the Channel and the Southern North Sea is particularly well documented from that respect. Cugier et al . ( 2005 ) explored the eff ect of phosphorus and/ or nitrogen tertiary treatment of urban wastewater in the Seine watershed, assuming constant agricultural diff use sources, on the conditions of algal growth in the Seine Bight. Phosphorus treatment of wastewater (reducing the loading by 90%) appeared as quite an eff ective measure to reduce the potentially harmful algal blooms in the Seine Bight, with a 10-fold reduction for maximum dinofl agellates biomass with respect to reference levels. To reach a result similar to that for phosphorus, the reduction of point sources nitrogen should be carried up to 70%, which is technically feasible but extremely expensive. A reduction by 90% of point source nitrogen inputs would be required to lead the trophic state of the Seine Bight back to levels of fl agellate development comparable to those of preindustrial periods.
More recently, Th ieu et al . (2010b) generalised the same approach to the three main basins responsible for nutrient enrichment of the French and Belgian coastal zone of the North Sea (Seine, Somme and Scheldt, assuming that the Rhine plume is most of the time fl owing northwards along the Netherlands coast). Th ey showed that, although phosphorus abatement from the major point sources of wastewater is a useful measure to balance phosphorus fl uxes with respect to silica inputs at the coastal zone, the generalisation of denitrifi cation in wastewater treatment will not bring a substantial benefi t. Implementation of 'good agricultural practices' (catch crop, reduction of fertilisation, extensifi cation of cattle farming) would lead to a signifi cant decrease of nitrogen fl uxes exported to the sea, ranging from 14% to 23% in wet and dry years respectively. Th e results of these scenarios were coupled with a model of Phaeocystis development in the Southern North Sea (Lancelot et al ., 2005 (Lancelot et al ., , 2007 . Th e combination of wastewater treatment improvement and good agricultural practices leads to a decrease of the Phaeocystis bloom duration from 25 to 20 days, and of the biomass peak from 35·10 6 to 30·10 6 cells/l. Previous works (Rousseau et al ., 2000 ) showed, however, that the good status of the coastal marine ecosystem requires that the biomass of Phaeocystis cells never increases above 5·10 6 cells/l, a threshold for the formation of ungrazable colonies (Lancelot et al ., 2009 ) .
Nitrogen contamination of surface and groundwater as well as of coastal sea water will thus remain a major problem even if 'good agricultural practices' were generalised. To further reduce nitrogen export, and more specifi cally to satisfy to the OSPAR ( 2005 ) recommendation of a 50% reduction of nitrogen input to the sea, more drastic changes in agricultural practices should be envisaged. Essentially the same conclusion was reached by other authors working in diff erent context and at various scales 
Policies for managing threats to European water quality
Policy and regulatory context
At the beginning of the 1990s, the European Commission enforced various regulations to control and reduce nutrient loads into surface water, groundwater and coastal and marine water. In 1991, with the Nitrates Directive (Directive 91/676/EEC) and the Urban Waste Water Treatment Directive (Directive 91/271/EEC) the Commission started an ambitious plan to reduce the nutrient diff use pollution originated from agriculture and the nutrient point pollution generated by urban waste water discharges. Th en, the Commission established regulations for industrial emissions in 1996 (Directive 96/61/EC) and updated and reinforced the protection of drinking water in 1998 (Directive 98/83/EC). A comprehensive regulation for European water was enforced in year 2000, through the Water Framework Directive (WFD, Directive 2000/60/ EC) and its daughter directives. Th e WFD aims at protecting all the waters, including inland and coastal surface waters and groundwater and to achieve a good ecological status by 2015. It combines emission limit values with environmental quality standards. Th e WFD complements and integrates the European water legislation on nutrient reduction, in particular the Nitrate Directive and the Urban Waste Water Directive, into a coherent prospective of river basin management (Bloch, 2001 ) . Th e Commission supports the implementation of the WFD and related policies through the Common Implementation Strategy, a joint work programme, which involves Member States, other countries, stakeholders and NGOs to promote dialogue, common understanding and best practice exchange. An example is the Pilot River Basin activity, where, among other issues, a network of European river basins is sharing knowledge and experience in developing and implementing measures to reduce nutrient pollution (Charlet, 2007 ; http:// prb-water-agri.jrc.ec.europa.eu/ ) . Similarly, Member States are working together to establish common ways to evaluate the ecological status of water bodies through the Intercalibration process (European Commission, 2008 ) . Th e latter compares national ecological assessments in order to ensure that 'good ecological status' means the same in all the European countries. Indeed, to ensure a similar level of ambition in setting the environment objectives in the European Union, the WFD mandated the intercalibration of the results of the national assessment methods. Th e boundary values for good ecological status for the diff erent water types are established by the intercalibration exercise and will be the basis for setting environmental objectives for the management and programme of measures for the European river basins. Th e fi rst step of the intercalibration exercise included a common agreement of reference condition criteria, and of the acceptable departures from the reference conditions. It was followed by the application of these criteria to a benchmark dataset to establish ecological rules, or if not possible statistical ones, for setting good status boundaries. An example is the data displayed in Figure 17 .12 for lakes. Such data were obtained from national sources and from on-going EU projects that compiled EU wide biological datasets. (Further information can be obtained from the intercalibration technical report for lakes, the Commission decision on intercalibration and the following web address: http://circa.europa.eu/Members/irc/ jrc/jrc_eewai/library .)
When the common implementation strategy and the dialogue fail, the Commission can use its powers under the Treaty and take the non-compliant Member States to court.
In addition to European legislation, policies and interventions have been planned to protect European seas through international conventions: HELCOM in the Baltic Sea, OSPAR in the North Sea, the Barcelona convention MEDPOL in the Mediterranean Sea and the Bucharest convention in the Black Sea. For the river basins discharging in the North Sea, the OSPAR Convention established the reduction of inputs of nitrogen and phosphorus to areas aff ected or likely to be aff ected by eutrophication in the order of 50% compared to input levels in 1985, to be achieved by 1995 (PARCOM Recommendation 88/2 and 89/4). Similarly, in the Baltic Sea within the HELCOM convention Contracting Parties committed to reduce nitrogen and phosphorus loads to the sea according to country specifi c reduction targets set in the recent Baltic Sea Protection Plan. A comprehensive discussion of European Directives and international actions addressing the nitrogen pollution through all the environmental compartments is presented in Oenema et al ., 2011 ( Chapter 4 this volume) .
Scientifi c and technical knowledge
Th e research community has developed a sound understanding of sources and pathways causing water nitrogen enrichment and of the consequent processes of transformation, transport, storage and removal (Durand et al ., 2011 ; Voss et al ., 2011 ; Chapters 7 and 8 , this volume) . Eff ective tools that the scientifi c community can off er for understanding the impact of human disturbance and the potential success of restoration interventions include the construction of nutrient budgets at river basins scale (Billen et al ., 2011 , Chapter 13 , this volume) and the spatial evaluation of pressures and sources contribution to nitrogen export (Johnes, 1996 ; Johnes and Heathwaite, 1997 ; Behrendt et al ., 2003 ; Grizzetti et al ., 2008 ) together with development and the evaluation of future scenarios (Bouwman et al ., 2005c ; Bouraoui and Aloe, 2007 ; Velthof et al ., 2009 ) . Moreover, the development of integrated indicators of nutrient pressure, eutrophication status and ecosystem functioning off ers useful tools to monitor in space and in time nutrient trends and measures eff ectiveness (European Environment Agency, 2005 ) .
Extensive knowledge is available on interventions to alleviate nitrogen (and phosphorus) pollution for the water system. Measures can be targeted on the sources, on the landscape or directly on the water body management (Novotny and Olem, 1994 ) . Th ey include among others: optimal fertilisation, where fertiliser application are reduced to match the crop requirements; spatial nutrient management, which implies lower application in areas with high erosion and runoff , use of catch crops to reduce erosion and nutrient leaching; improvement in livestock and manure surplus management; implementation of advanced treatments for waste water discharges; optimisation of sewer systems; creation of riparian strips, sedimentation ponds, appropriate drainage systems; and fi nally restoration of wetlands and fl oodplains to increase denitrifi cation and protect wildlife habitat and biodiversity. A European initiative on this fi eld is the COST Action 869 (COST 2010a ) on mitigation options for nutrient reduction in surface water and groundwater. It provides an extended review of all the measures implemented in European countries describing for each measure main benefi ts, reported efficacy, region of application, likely disadvantages and potential costs (COST 2010b ) .
Economic tools, such as cost-benefi t analysis (CBA), have been developed to support policy decisions on controversial environmental issues (OECD, 2006 ) . CBA for environmental resolutions consists of calculating, commonly in currency units, the net benefi ts generated by the policy or project at each point in time, based on the analysis of all benefi ts and costs. Although widely employed, environmental CBA is controversial (Ludwig et al ., 2005 ) , for the way the discount rates are set and for the methods to account and monetise environmental externalities in the economic models. In fact, the evaluation of environmental eff ects and ecosystem services is not always possible in monetary terms, and implies a vision of the system and the actors concerned, involving defi nitely a discussion of values. Similarly, establishing discount rates requires a judgment in a time perspective. In economic models, discount rates indicate the way costs and benefi ts are weighted over time. When present benefi ts are weighted higher than future ones, ecosystem services are consumed faster, while the contrary produces the conservation of the natural capital with eventual wealth loss for the present generation (Ludwig et al ., 2005 ) . Th erefore, the choice of the appropriate discount rate is not straightforward, involves a system of values and is undermined by the high uncertainty related to long-term pollution eff ects on ecosystems. However, evidence provides support for policies that maintain ecosystem services over the long term (Ludwig et al ., 2005 ) . Brink et al ., 2011 ( Chapter 22 this volume) provide a CBA of nitrogen in the environment with a European perspective.
Eff ects of implementation of measures
To reduce eutrophication in estuaries and coastal waters programmes of measures implemented in their river basins will be essential to restrict anthropogenic nutrient inputs (Smith and Schindler, 2009 ) . Th e WFD requires Member States to prepare river basins management plans including the analysis of nutrient pressures and the plan for implementing mitigation measures, in order to achieve by 2015 a 'good ecological status' of all the water bodies. Th e latter should be achieved considering the reference status, which refer to water body conditions prior to signifi cant anthropogenic pollution. However, the concept of good ecological status implies some room for interpretation. In fact, even consistent nutrient abatement may not lead the water bodies to the desired status as many ecosystems present a hysterisis behaviour. Duarte et al . ( 2009 ) illustrated the trajectories of restoration in four North European coastal ecosystems (Marsdiep, Netherlands; Helgoland, Germany; Odense Fiord, Denmark and Gulf of Riga, Latvia/Estonia). Th ey argued that in addition to nutrient enrichment other human induced changes, such as climate changes, population growth, freshwater withdrawal, may aff ect many fundamental factors of ecosystem functioning, producing baseline conditions diff erent from those of the 'reference' status, even returning to pristine nutrient inputs. Th ey observed that the restoration pathways of the monitored ecosystems followed dynamic trajectories of 'regime shift and shift ing baseline' . As a consequence, when setting targets of restoration, emphasis should be put on the values ensuring reliable provision of ecosystem services and good ecosystem functioning rather than focusing on particular past conditions (Duarte et al ., 2009 ) . Th is does not mean that anthropogenic nutrient input should not be reduced; on the contrary these observations show a clear awareness on how human impacts can be diffi cult to reverse.
In Europe only 30% of surface water bodies have been identifi ed as not being a risk of failing to achieve the WFD environmental objectives by 2015, while 40% are at risk and for the rest 30% data are not suffi cient for evaluation. Th e lack of information regards especially coastal and transitional water (European Commission 2007 SEC(2007 . Similar fi gures are reported for groundwater bodies, with 25% not at risk, 30% at risk and for the remaining 45% the evaluation is not possible for the lack of data (European Commission 2007 SEC(2007 . Nutrient diff use pollution has been identifi ed as one of the most significant and widespread pressures on water ecosystems in Europe (European Commission 2007 COM(2007 .
In general during the past two decades the nutrient pollution from urban areas and point sources has been significantly reduced through the implementation of waste water treatment plants, while diff use sources originate from agriculture remain a problem (European Environment Agency, 2005 ) . According to the monitoring information transmitted by Member States, aft er almost 15 years from the enforcement of Nitrates Directive, in EU27 monitoring stations with average annual nitrate concentrations above 50 mgNO 3 /l were 15% for groundwater and 3% for surface water. Member States with the highest proportion of sampling points with nitrate concentrations above 50 mg/l were Estonia, the Netherland, Belgium, England, France, Northern Italy, North-East of Spain, Slovakia, Romania, Malta and Cyprus (European Commission 2010 COM(2010 Measures to reduce nitrogen and phosphorus pollution in water bodies have already been introduced in many European countries under the European legislation, international conventions and national plans. Th e assessment report on the implementation of the Baltic Sea Action Plan, under the HELCOM Convention, indicates that since 1990 nitrogen and phosphorus diff use and point source loads have been slightly decreasing in the Baltic Sea catchment, however the target input levels foreseen in the Action Plan have not been met and additional reductions are needed (HELCOM, 2009 ). In the areas under the OSPAR Convention, the source reduction of 50% (compared to the level of 1985) has been met for phosphorus, but not completely for nitrogen. In fact, the target for nitrogen source reduction was achieved only by Denmark (in 2003), Germany and the Netherlands (both in 2005), although progress in this direction has been made also by the other Contracting Parties (OSPAR, 2008 ) . See also Voss et al ., 2011 ( Chapter 8 this volume) .
Th e implementation of programmes of measures for nutrient reduction varies in the European countries. Moreover, the water quality response to the mitigation programmes has been variable, depending on the design of the plans, the specifi c pollution conditions and the environmental characteristics. In general a delay has been observed between remediation actions and water response. In Denmark, the implementation of targeted regulations and nitrogen effi ciency measures has reduced nitrogen loads to waters by 32%, while maintaining the crop yield and increasing the livestock production (Kronvang et al ., 2008 ) . In Norway, results from long-term monitoring show that in spite of changes in management practices driven by subsidies and production conditions few correspondent trends were registered in nutrient losses (Bechmann et al ., 2008 ) . In part of England, the eff ect of actual measures introduced in the Nitrogen Vulnerable Zones is not evident and a time lag is expected because of the specifi c soils and aquifers characteristics (Jackson et al ., 2008 ; Worrall et al ., 2009 ) . In Finland, no clear reduction of nutrient loads or water quality improvements were observed although a large-scale programme to reduce nutrient emissions from agriculture has been introduced since 1995 (Ekholm et al ., 2007 ) .
In general, scientifi c evidence shows that the adopted policies to reduce anthropogenic nutrient inputs to European seas were more eff ective in abating point sources than diff use sources and more successful for phosphorus rather than for nitrogen, leading to the increase of the N:P ratio in anthropogenic inputs (Artioli et al ., 2008 ) . Indeed, assessing policy eff ectiveness in reducing loads of nitrogen is controversial and presents regional diff erences. Th is is related to the diff use nature of the sources, the tight connections with lifestyles, notably human diet, and the economic implications due to the links with agriculture and livestock production. Moreover, long-retention times of groundwater may retard the system recovery (Artioli et al ., 2008 ) .
In addition, the problem of 'pollution swapping' needs to be taken into wider consideration from both the scientifi c and the policy prospective (Stevens and Quinton, 2009 ) . Th e term 'pollution swapping' is used to indicate when a mitigation measure reduces a targeted pollutant while increasing the level of another pollutant. Unfortunately, this side eff ect is present in many commonly implemented measures, but weakly considered in scientifi c studies and management plans. For example, constructed wetlands and riparian buff er zones are widely used to remove nitrogen but at the same time they promote denitrifi cation, increasing the emissions of N 2 O, a strong greenhouse gas, and thus swapping the pollution from water to the air compartment. If not correctly understood the mechanisms of pollution swapping may lead to contradicting interventions and unsuccessful regulations (Stevens and Quinton, 2009 ). An enlightening example in this sense is the model MITERRA-EUROPE (Velthof et al ., 2009 ) , which provides an integrated assessment of the eff ect of nutrient mitigation measures in EU27 at country and regional level, considering the eff ects of mitigation measures contemporary on nitrogen emissions to atmosphere and to groundwater.
Opportunities for policy and science integration
In developing mitigation options for nitrogen pollution in water, the way forward is to adopt a more holistic approach in the policy frame, undertaking an integration eff ort in legislation tools and an evaluation of the potential 'ecosystem service swapping' , and in the scientifi c research, promoting interdisciplinary studies including more forms of pollutants and all the environmental compartments (Stevens and Quinton, 2009 ; Collins and McGonigle, 2008 ) .
Eff ective strategies to reduce eutrophication in aquatic ecosystems need to consider the whole land-ocean continuum and to control both nitrogen and phosphorus . A stronger integration between the Marine Strategy and relevant sectoral policies, such as the Common Agricultural Policy and the Fisheries Policy, would be benefi cial for the sustainable management and protection of the marine ecosystem and its resources (Salomon, 2009 ) . Similar positive synergies could derive from an improved coordination between policies to prevent water nutrient pollution and the Common Agricultural Policy and among the diff erent nitrogen related regulations, in order to avoid problems of pollution swapping (Oenema et al ., 2011 , Chapter 4 this volume) . Th e Commission already supports the integration between the implementation of diff erent policies, encouraging Member States to use EU fi nancing instruments available under the Common Agricultural Policy and the Cohesion Policy for improvements in the water fi eld (European Commission 2007 COM(2007 128), or the further integration of climate change mitigation and adaptation strategies into the implementation of EU water policy (see European Climate Change Programme). Finally, a strategic choice for the future will be to create positive synergies between River Basin Plans foreseen by the European WFD by December 2009 and international instruments, such as the Baltic Sea Action Plan (HELCOM Convention) or the OSPAR Resolutions (OSPAR Convention).
An eff ort to improve integration and interdisciplinarity is required also in the scientifi c research. Indeed, there is a need for integrated assessments to enable comparison between diff erent regions for promoting regional assessment, and to evaluate the potential synergies between diff erent type of policies or remediation measures, taking into account future scenarios.
Th ere is a clear need to promote science-policy-society interactions to build reciprocal trust and understanding, and to produce a new type of transdisciplinarity knowledge to support a sustainable management of the ecosystem resources. In fact, the complexity of interactions of the human-ecological system cannot be addressed by traditional disciplines, but requires a new kind of interdisciplinary science, concerned by problem-solving aspects (Carpenter et al ., 2009 ) . Th is new type of knowledge production, also referred to as sustainability science, seeks to understand the interactions between nature and society, addressing the dynamics of the interactions, the longterm trends, the vulnerability and resilience of the naturesociety system and the opportunities for adaptive management and societal learning (Kates et al ., 2001 ) . To address problems related to sustainable development, the integration between natural science and social science is a key point and cooperation is necessary between the academic disciplines and the different parts of society (Tappeiner et al ., 2007 ) .
Conclusions and way forward
From the present overview it appears that the anthropogenic increase of nitrogen in water, together with other nutrients, causes many direct and indirect biogeochemical and ecological responses in the aquatic ecosystems, most of which are un desired and detrimental for the human-ecological system.
In spite of some encouraging trends, nitrogen concentrations in rivers, lakes, aquifers and coastal waters are generally high and stable in many regions, and even increasing in some areas. In addition, evidence shows that there is gradual and increasing nitrogen enrichment of groundwater resources across Europe. Th is poses direct threats to human health and ecosystem functioning, reducing the actual provision and the future reliability of ecosystem services.
A large part of European freshwaters and coastal waters are aff ected by eutrophication and current global drivers such as climate and land-use changes could exacerbate the situation in the near future. An additional challenge will be represented by the economic development of Eastern Europe, which could potentially lead to additional nitrogen loadings to the Baltic and Black Seas.
Policy tools are available within the European Union and under international conventions to mitigate the nitrogen pollution in water. Th eir full implementation has not been achieved yet throughout Europe, but plans of measures to reduce nitrogen losses to water have already been implemented in many European countries, producing some encouraging results. However, in many cases a delay in the water quality response to the implementation of measures have been observed, due to previous accumulation of anthropogenic nitrogen in soils, sediments or aquifers or to inadequate design or targeting of the mitigation plans. At European level some regional diff erences have emerged in the sensitivity of coastal ecosystems to nutrient loads and on the eff ect of policy measures in changing the N:P ratio. Finally, the issue of pollution swapping has appeared as an important element to be considered by both the scientifi c and policy perspective.
To support the sustainable management of the human-ecological system and promote the protection of water resources in relation to the threats posed by nitrogen in European water the full implementation of the regulations is necessary, combined with an effi cient environmental monitoring. Moreover, positive synergies could be obtained by encouraging integration in the sectoral policies and enhancing interdisciplinarity in the scientifi c research, especially in support of regional assessments and pollution swapping evaluations.
Th e continuous nitrogen export to waters directly or indirectly threatens the biodiversity in the aquatic ecosystems, and slowly and gradually erodes the resilience of the aquatic ecosystems, increasing their vulnerability to other unexpected stresses. Water eutrophication and aquatic biodiversity loss have economic and political implications. According to Folke et al . ( 2002 ) two errors underpinned the past policies for managing natural resources. Th e fi rst was the assumption that the ecosystem response to anthropogenic pressures is linear and the second was the lack of recognition of the mutual interdependence of the human and ecological system. Drastic changes in the ecosystem status may imply elevated costs for the direct loss of ecological and economic recourses and for the actions required for restoration. Building and maintaining the ecosystem resilience result in a wise investment for future human wealth, especially in the context of uncertainty and global environmental changes. A policy aiming at good ecological status can certainly contribute in this direction by investing in substantially improving nitrogen use effi ciency and cleaning waste waters, in spite of the recovery time and costs.
